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ABSTRACT 29 

Groundwater fluxes in tidal marshes largely control key ecosystem functions and services, such 30 

as vegetation growth, soil carbon sequestration, and nutrient cycling. In tidal marshes restored 31 

on formerly embanked agricultural land, groundwater fluxes are often limited as compared to 32 

nearby natural marshes, as a result of historical agricultural soil compaction. To improve the 33 

functioning of restored tidal marshes, knowledge is needed on how much certain design options 34 

can optimize soil-groundwater interactions in future restoration projects. Based on measured 35 

data on soil properties and tidally induced groundwater dynamics, we calibrated and evaluated 36 

a 2D vertical model of a creek-marsh cross-section, accounting for both saturated and 37 

unsaturated groundwater flow and solute transport in a variably saturated groundwater flow 38 

model. We found that model simulations of common restoration practices such as soil 39 

amendments (increasing the depth of porous soil on top of the compact layer) and creek 40 

excavation (increasing the creek density) increase the soil aeration depth and time, the drainage 41 

depth and the solute flux, and decrease the residence time of solutes in the porewater. Our 42 

simulations indicate that increasing the depth to the compact layer from 20 cm to 40 cm, or 43 

increasing the creek density from 1 creek to 2 creeks along a 50 m marsh transect (while 44 

maintaining the total creek cross-sectional area), in both cases more than doubles the volume 45 

of water processed by the marsh soil. We discuss that this may stimulate nutrient cycling. As 46 

such, our study demonstrates that groundwater modelling can support the design of marsh 47 

restoration measures aiming to optimize groundwater fluxes and related ecosystem services.  48 

 49 

1. INTRODUCTION 50 

The flow of shallow groundwater is a key process in the ecohydrological functioning of tidal 51 

marsh ecosystems. When tidal marshes are inundated at high tide, part of the flooding water 52 

infiltrates into the marsh surface. At low tide, part of this water seeps out of the creek banks, 53 

lowering the groundwater level especially in the vicinity of tidal creeks (e.g. Chapman, 1938; 54 

Harvey et al., 1987). These tidally induced temporal and spatial variations in groundwater level 55 

control the soil aeration conditions (Li et al., 2005; Ursino et al., 2004), which further affect 56 

key ecosystem functions such as soil organic carbon storage or decomposition (Guimond et al., 57 

2020) and vegetation zonation patterns (Wilson et al., 2015; Xie et al., 2020; Xin et al., 2013). 58 

Groundwater flow also regulates the cycling rate of nutrients in the marsh (Wang et al., 2011; 59 

Wilson and Gardner, 2006). As such, interactions between the groundwater and the soil are of 60 



high importance for the filtering capacity of tidal wetlands and their contribution to water 61 

quality improvement in the adjacent estuary. From the above, it is clear that groundwater 62 

dynamics are key for the delivery of regulating ecosystem services of tidal marsh ecosystems. 63 

Nevertheless, groundwater dynamics are rarely considered in the design of tidal marsh 64 

restoration schemes.  65 

Along estuaries and coasts worldwide, there is an increasing demand for restoration of tidal 66 

marshes that have formerly been embanked, drained and converted to agricultural land. Marsh 67 

restoration is seen as a viable management strategy to counteract the loss of their ecosystem 68 

services due to large scale land reclamations in the past (Wolters et al., 2005). However, years 69 

after restoration, many restored tidal marshes still exhibit an impaired delivery of soil related 70 

ecosystem services compared to their natural counterparts. Their soil is often structurally 71 

different from the soil in natural tidal marshes (e.g. Burden et al., 2013; Craft et al., 2002; Van 72 

Putte et al., 2020). In natural tidal marshes, the soil consists of tidally deposited sediment, 73 

intermixed with  plant debris and large void spaces, creating a macroporous soil. In the 74 

embanked areas, agricultural practices such as drainage of the soil and the use of heavy farming 75 

equipment often lead to mineralization of organic matter, compaction and consolidation of the 76 

soil, reducing its porosity and hydraulic conductivity. When a tidal marsh is restored on such 77 

an embanked land, this compact soil may act as an impermeable barrier for soil-water 78 

interactions (Crooks and Pye, 2000; Spencer et al., 2017; Van Putte et al., 2020). Groundwater 79 

level fluctuations and hence nutrient cycling are restricted to the layer of tidally deposited 80 

sediment that accumulates on top of the compact soil over time, whereas in natural marsh 81 

systems, groundwater and nutrient flow may occur over much deeper portions of the soil profile 82 

(Tempest et al., 2015; Van Putte et al., 2020). Given the above, there is an urgent need to 83 

counteract the restrictions of the compact soil and to optimize soil-groundwater interactions in 84 

future tidal marsh restoration projects.  85 

Since the 1980’s, many efforts were made to simulate groundwater dynamics in natural tidal 86 

marshes. The complexity of these models increased over time (Marois and Stecher, 2020). 87 

Moffett et al. (2012) give an extended overview of the earliest models. These first models are 88 

restricted to simulating flow in the saturated zone (Harvey et al., 1987; Nuttle, 1988), while 89 

later developed models use the Richards’ equation to simulate both saturated and unsaturated 90 

flow (Ursino et al., 2004; Wilson and Gardner, 2006; Xin et al., 2009b). Several modelling 91 

studies consider a dual layered soil stratigraphy (Gardner, 2007; Xin et al., 2012) and some 92 

models also incorporate the effects of evapotranspiration (Hemond and Fifield, 1982; Ursino et 93 



al., 2004; Xin et al., 2017) and/or soil compressibility (Gardner and Wilson, 2006; Xin et al., 94 

2009a). Only in a limited number of model studies, groundwater flow is coupled to solute 95 

transport (Chassagne et al., 2012; Wilson and Gardner, 2006). Recently, much attention is given 96 

to the presence of macropores, for instance created by burrowing invertebrate species, and their 97 

effect on groundwater flow in tidal marshes (Cao et al., 2012; Xin et al., 2009b; Xin et al., 2016; 98 

Xu et al., 2021). Until now, however, groundwater models have not yet been applied for 99 

modelling hindered groundwater flow and solute transport in restored tidal marshes with a 100 

historically compacted subsoil. Given the increasing number of marsh restoration projects in 101 

which this historical soil compaction hampers ecological development, improved scientific 102 

insights are needed on the impact of different restoration design options on groundwater flow 103 

and transport. 104 

In this modelling study, we simulate the effect of several design options on the ecohydrological 105 

functioning of newly restored tidal marshes. Therefore, we apply a numerical groundwater 106 

model to a 2D marsh-creek cross section, using parameter values based on field measurements 107 

in a restored tidal marsh. In the marsh design scenarios, we vary (a) the creek density and (b) 108 

the depth of the compact layer. The rationale behind these design options is explained below. 109 

 110 

(a) Groundwater level fluctuations are typically strongest in the vicinity of tidal creeks. 111 

The majority of the seepage water originates from only a few meters from a tidal 112 

creek (Gardner, 2005a; Hughes et al., 1998; Xin et al., 2010). With this in mind, we 113 

hypothesize that initial excavation of a denser creek network in restored marshes 114 

will also increase the total seepage flux and increase the volume of the marsh soil 115 

that interacts with the groundwater. The excavation of an initial creek network prior 116 

to restoration is a common practice to enhance surface water drainage and vegetation 117 

establishment in restoration projects in which natural creek formation is inhibited or 118 

strongly slowed down by the relict compact soil (Liu et al., 2020; O’Brien and 119 

Zedler, 2006; Tovey et al., 2009; Vanlede et al., 2015). 120 

(b) As groundwater dynamics are inhibited by the compact soil layer, we hypothesize 121 

that the depth of this compact layer determines the depth of the soil profile over 122 

which soil-water interactions take place. To reverse the effect of historical 123 

agricultural soil compaction, organic soil amendments (e.g. ploughing and mixing 124 

wood chips with soil) prior to reflooding have been proposed as a management 125 

strategy to ‘decompact” the soil and to obtain a soil structure comparable to that 126 



found in natural tidal marshes (Callaway et al., 1997; Havens et al., 2002; Kadiri et 127 

al., 2011). Still, practical implementation of soil amendments in tidal marshes are 128 

rare (except Gibson et al., 1994; Ott et al., 2020; Zedler, 2000). For non-tidal 129 

wetland soils, however, several studies indicate the success of soil amendments in 130 

ameliorating soil structure (Fei et al., 2019; Scott et al., 2020; Wolf et al., 2019).  131 

 132 

We determine the effect of these tidal marsh restoration design options on (i) groundwater 133 

drainage depth, (ii) soil saturation index (i.e. the proportion of the spring tide – neap tide cycle 134 

that a specific location in the marsh soil is saturated (Xin et al., 2010)) and (iii) the total seepage 135 

flux of both water and solutes. Lastly, we also estimate (iv) the residence time of the 136 

groundwater.  137 

  138 



2. METHODS 139 

2.1. Field data 140 

2.1.1. Study site 141 

The study site is situated in the restored marsh ‘Lippenbroek’, located along the freshwater tidal 142 

part of the Scheldt estuary in Belgium (51°05'06.8" N 4°10'19.3"E, Fig. 1b). The estuary has a 143 

semidiurnal tide with an average tidal range of approximately 6 m near the studied tidal marsh. 144 

This marsh experiences an inundation frequency (percentage of flooding high tides) of 56% at 145 

the study location. The marsh is restored on land that has been under agricultural practice since 146 

large scale land reclamation in the 13th century, by building of dikes and drainage of the original 147 

wetlands. It was restored to a tidal wetland in 2006 using the CRT (controlled reduced tide) 148 

principle described in Maris et al. (2007). Since the restoration, the mean elevation of the site 149 

increased with 2.35 cm year-1 on average due to accretion of tidal sediment (Oosterlee et al., 150 

2017). On the study transect, 60 cm has been deposited on top of the compact agricultural soil. 151 

The vegetation consists of wetland plants, mainly reed (Phragmites australis) and cattail (Typha 152 

latifolia) in the lower elevated parts where the transect is located, and mainly willow trees (Salix 153 

sp.) and stinging nettle (Urtica dioica) in the higher elevated parts (Jacobs et al., 2009).  Since 154 

the marsh restoration, a tidal channel network initially developed relatively rapidly, but the 155 

development slowed down after approximately 3 years, resulting in an estimated, approximate 156 

average distance of 27.4 m to the nearest tidal creek (Vandenbruwaene et al., 2012). 157 

2.1.2. Transects and wells 158 

A 22 m long cross-sectional transect from a tidal creek over the marsh platform was established 159 

in the field (Fig. 1c). On the transect, we placed one monitoring well in the creek to measure 160 

surface water level fluctuations and four monitoring wells in the marsh soil to study 161 

groundwater level fluctuations. These wells were placed at increasing distances form the creek 162 

(1 m, 4 m, 10 m  and 22 m) as the  groundwater level fluctuations were expected to decrease 163 

with an increasing distance from the creek (Van Putte et al., 2020). The monitoring wells were 164 

slotted over the entire below-ground part and placed up to a depth of 1.75 m below the soil 165 

surface. The pressure head in the wells was measured every minute with pressure transducers 166 

(Rugged Troll 100, In-Situ Inc.) and corrected for variations in atmospheric pressure. The 167 

surface topography of the transect and the absolute elevation of the wells was measured with a 168 

total station (Sokkia SET510k) and recorded in m relative to TAW (the Belgian ordnance 169 

datum). Approximately one month of groundwater level measurements (from the 24th of 170 



January to the 21st of February 2019, i.e. two spring tide-neap tide cycles) was selected for our 171 

analyses. 172 

2.1.3. Soil profiles and soil samples 173 

Along the transect, the soil profile was described to determine the depth of the compacted 174 

agricultural soil relative to the soil surface. This was done with a gouge auger sampling the soil 175 

profile near every monitoring well along the transect, and allowing easy distinction between 176 

the compact layer and the loose sediment layer on top of it. In addition, undisturbed soil samples 177 

of 100 cm³ were taken at 2 – 7 cm depth (i.e., in the newly deposited sediment) and 100 – 105 178 

cm depth (i.e., in the compact relict agricultural soil) in six replicates at each of the locations of 179 

the wells.  180 

2.1.4. Soil hydraulic properties 181 

Four out of six replicates of the soil samples were used to measure the dry bulk density (𝜌𝑏) 182 

and the saturated hydraulic conductivity (Ks). These samples were fully saturated and Ks was 183 

measured using either the constant head method (Eijkelkamp Agrisearch Equipments, 2013) 184 

for high permeable soil samples and the falling head method for low permeable soils. For the 185 

latter, a burette inside a rubber stop cock was inserted in the sample holder. A positive pressure 186 

head was applied on the samples by filling the burette with water. While the water seeped 187 

through the samples, we noted the decline in pressure head over time. Ks was calculated using 188 

Darcy’s law (Darcy, 1856)  and exponential regression of the pressure head in function of time.  189 

The  remaining replicates were  used to determine the SWRC (Soil Water Retention Curve) and 190 

were placed in a sandbox (Eijkelkamp Soil & Water, 2019). Suctions of 10 cm, 30 cm, 50 cm, 191 

70 cm and 100 cm were applied. Samples were weighed after each pressure step after reaching 192 

equilibrium states to determine the volumetric water content (θ). The water retention at suctions 193 

of 340 cm, 1020 cm and 15300 cm was determined on a smaller subsample using ceramic plate 194 

extractors (Cresswell et al., 2008). The obtained volumetric soil moisture data in function of 195 

applied pressure were averaged over the two replicates. The SWRC was fitted with the 196 

retention/conductivity model of van Genuchten-Mualem (van Genuchten, 1980) with the RETC 197 

(RETention Curve) code formula described in Van Genuchten et al. (1991): 198 

𝜃(ℎ) = { 𝜃𝑟 + 𝜃𝑠 − 𝜃𝑟[1 + |𝛼ℎ|𝑛]1−1/𝑛             ℎ < 0  𝜃𝑠                                                 ℎ ≥ 0  EQ 1 

In EQ 1, 𝜃(ℎ) [-] is the volumetric soil water content in function of the pressure head h [L] 199 

expressed as the pressure exerted by a water column with height h, 𝜃𝑟 [-] is the residual water 200 



content and 𝜃𝑠[-] is the saturated water content; n is an index for the pore size distribution and 201 

α is a shape factor that relates to the inverse of the air entry value. 202 

2.2. model development 203 

2.2.1. Domain properties 204 

We set up a two-dimensional variably saturated groundwater model using the HYDRUS 2D/3D 205 

software (Senja et al., 2017). The model domain geometry is a creek-marsh cross section with 206 

an idealized topography that is approximating the measured average marsh platform elevation 207 

and the creek depth and width on the measuring transect (Fig. 1). The domain has a total length 208 

of 50 m. The domain bottom was chosen arbitrarily at 2 m below the marsh platform elevation. 209 

Deepest measured groundwater levels were never deeper than 0.5 m, and the creek depth was 210 

1.5 m. No exchange with aquifers underneath was assumed due to the presence of the compact 211 

subsoil. The domain was divided into two layers: an upper layer of recently deposited sediment 212 

and a lower layer of compact relict agricultural soil. Based on field measurements, the soil layer 213 

transition was set at 0.60 m below the marsh platform elevation. For these two layers, the 214 

measured values for the soil hydraulic properties, averaged for the different locations on the 215 

transect, were attributed to the respective soil layer. 216 

  217 

A finite element mesh (FEM) was generated for the model domain and consists of 218 

approximately 20000 nodes. Mesh refinements were made around the creek banks and the 219 

transition between soil layers where higher spatial differences in pressure head and water 220 

content were expected. Observation nodes were inserted in the mesh at the location and depth 221 

where monitoring wells were installed in the marsh (Fig. 1) to compare the measured and 222 

simulated groundwater levels. 223 



   224 

Fig. 1 a Situation of the study area within the Scheldt estuary b: Overview map of the study area (Lippenbroek) with 225 
indication of the study transect, c: model domain based on the measured transect elevation profile (in red).  226 

2.2.2. Boundary and initial conditions 227 

Fluctuations of the surface water level that were measured in the creek were imposed as a time 228 

variable pressure head boundary condition to the creek banks and the marsh platform. This 229 

boundary was allowed to develop into a seepage face where the nodal pressure became 230 

negative, i.e. at the border of the saturated flow field and the atmosphere. A no-flux boundary 231 

was applied at the sides and the bottom of the domain as no water was expected to enter or 232 

leave the domain via the bottom through the presence of the compact agricultural soil. 233 



2.2.3. Governing equations 234 

2.2.3.1. Water flow 235 

To describe variably saturated water flow, the Richards’ equation is solved (Richards, 1931). 236 

For a planar 2D vertical domain, this equation is given by EQ 2, 237 𝜕𝜃𝜕𝑡 = 𝜕𝜕𝑥 [𝐾(ℎ) (𝜕ℎ𝜕𝑥 + 1)] + 𝜕𝜕𝑧 [𝐾(ℎ) (𝜕ℎ𝜕𝑧 + 1)] EQ 2 

in which θ [-] is the volumetric water content, h [L] is the pressure head and x [L] and z [L] are 238 

the spatial coordinates in the horizontal and vertical dimensions, t [T] is the time and K(h) [LT-239 

1] is the hydraulic conductivity of the soil as a function of the pressure head, given by EQ 3 240 

(van Genuchten, 1980). 241 

𝐾(ℎ) = 𝐾𝑠𝑆𝑒𝑙 [1 − (1 − 𝑆𝑒 𝑛𝑛−1)1−1𝑛]2 EQ 3 

Here, n [-] is an index for the pore-size distribution, l [-] is the pore connectivity parameter 242 

taken as 0.5 (Mualem, 1976) and Se [-] is the effective degree of saturation, which is given by 243 

EQ 4 (van Genuchten, 1980), 244 𝑆𝑒 = 𝜃 − 𝜃𝑟𝜃𝑠 − 𝜃𝑟 EQ 4 

where 𝜃𝑟 [-] is the residual water content and 𝜃𝑠 [-] is the saturated water content. Groundwater 245 

flow in tidal marsh sediments is known to occur mainly through macropores intersecting the 246 

sediment matrix (Harvey and Nuttle, 1995; Xiao et al., 2019; Xin et al., 2016). Therefore, our 247 

model was set up as a dual porosity model with a mobile (macropores) and an immobile (matrix) 248 

region. This model assumes that groundwater flow is restricted to the mobile region. The 249 

relative distribution of the matrix- and macropore space was estimated based on the results of 250 

micro-CT scans of soil cores from the same field site, described in Van Putte et al. (2020) in 251 

which macropores are defined as pores > 60 µm. The Richards equation (EQ 2) can be rewritten 252 

for both regions and a simple mass balance equation to describe a change in soil water moisture 253 

(EQ 5), 254 𝜕𝜃𝑚𝜕𝑡 = 𝜕𝜕𝑥 [𝐾(ℎ) (𝜕ℎ𝜕𝑥 + 1)] + 𝜕𝜕𝑧 [𝐾(ℎ) (𝜕ℎ𝜕𝑧 + 1)] − 𝛤𝑤 and 
𝜕𝜃𝑖𝑚𝜕𝑡 = 𝛤𝑤 EQ 5 

with 𝜃𝑚  [-] and 𝜃𝑖𝑚  [-] being the volumetric soil moisture content in the mobile and the 255 

immobile region, respectively and 𝛤𝑤  [T-1] being the mass transfer from the mobile to the 256 

immobile region (Gerke and van Genuchten, 1993). This mass transfer rate is assumed to be 257 



proportional to the difference in effective saturation between the mobile and the immobile 258 

regions (EQ 6), 259 𝛤𝑤 = 𝜕𝜃𝑖𝑚𝜕𝑡 = 𝜔[𝑆𝑒𝑚 − 𝑆𝑒𝑖𝑚] EQ 6 

where 𝑆𝑒𝑚 [-] and 𝑆𝑒𝑖𝑚 [-] are the effective saturation of the mobile and the immobile region, 260 

respectively, and ω [T-1]is a first order rate coefficient (Simunek et al., 2003). As ω depends on 261 

many unknown soil properties, the model was calibrated to find the best corresponding 262 

simulation for the measured pressure heads.  263 

2.2.3.2. Residence time and solute transport 264 

We estimated the residence time of the porewater in the marsh soil to determine the locations 265 

where water is replaced on a short time scale. For this purpose, the transport of a non-reactive 266 

solute was implemented in the model and we calculated for each location in the domain the 267 

half-life, i.e. the time it takes to remove half of the solute mass in that location. The initial tracer 268 

concentration in the pore water in the domain was set to 1 whereas the concentration in the 269 

flooding water was set to 0. As such, during the simulation, porewater seeps out of the creek 270 

banks and is replaced with flooding water.  Since the residence time  is essentially simulated as 271 

a ‘tracer’, this method takes into account dispersion and diffusion, in contrast to more traditional 272 

groundwater age determination methods such as particle tracking (Goode, 1996; Suckow, 2014; 273 

Turnadge and Smerdon, 2014; Wilson and Gardner, 2006).  274 

For the dual porosity model, the solute flux equations for the mobile and immobile region are 275 

given by EQ 7 (advection dispersion equation) and EQ 8, respectively (van Genuchten and 276 

Wierenga, 1976). 277 

 278 

In these equations, 𝑐𝑚 and 𝑐𝑖𝑚 [ML-3] are the concentrations of the solute in the mobile and 279 

immobile region, respectively. 𝑞𝑥 and 𝑞𝑧 [LT-1]are the volumetric flux densities in the x and z 280 

dimension. 𝛤𝑠 [MT-1] is the solute exchange rate between the two regions and 𝜔𝑠 [T-1] is the 281 

solute exchange rate coefficient. 𝐷𝑚  [L] is the dispersion coefficient of the mobile region, 282 

which is defined as EQ 9, 283 

𝜃𝑚 𝜕𝑐𝑚𝜕𝑡 = 𝜕𝜕𝑥 (𝜃𝑚𝐷𝑚 𝜕𝑐𝑚𝜕𝑥 ) − 𝜕𝑞𝑥𝑐𝑚𝜕𝑥 + 𝜕𝜕𝑧 (𝜃𝑚𝐷𝑚 𝜕𝑐𝑚𝜕𝑧 ) − 𝜕𝑞𝑧𝑐𝑚𝜕𝑧 −𝛤𝑠 EQ 7 

𝛤𝑠 = 𝜃𝑖𝑚 𝜕𝑐𝑖𝑚𝜕𝑡 = 𝜔𝑠(𝑐 − 𝑐𝑖𝑚) + 𝛤𝑤𝑐∗ With 𝑐∗ = {𝑐𝑚       𝛤𝑤 > 0𝑐𝑖𝑚      𝛤𝑤 < 0 EQ 8 



𝐷𝑚 = 𝜃𝜃𝑚 𝐷 EQ 9 

 where D [L] is the effective dispersion coefficient. Dispersion rates differ in the x and z 284 

direction. The dispersion for a vertical two-dimensional domain can be written as EQ 10  (Bear, 285 

1972), 286 

 287 

{   
   𝜃𝐷𝑥𝑥 = 𝐷𝐿 𝑞𝑥2|𝑞| + 𝐷𝑇 𝑞𝑧2|𝑞| + 𝜃𝐷𝑤𝜏𝑤  𝜃𝐷𝑧𝑧 = 𝐷𝐿 𝑞𝑧2|𝑞| + 𝐷𝑇 𝑞𝑧2|𝑞| + 𝜃𝐷𝑤𝜏𝑤𝜃𝐷𝑥𝑧 = (𝐷𝐿 − 𝐷𝑇) 𝑞𝑥𝑞𝑧|𝑞|

 EQ 10 

where 𝐷𝐿 and 𝐷𝑇 [L] are the longitudinal and transversal dispersivities, respectively, 𝐷𝑤 [L] is 288 

the molecular diffusion coefficient and 𝜏𝑤 [-] is the tortuosity factor, which was estimated as 289 

EQ 11 by Millington and Quirk (1961). 290 𝜏𝑤 = 𝜃7/3 𝜃𝑠2  EQ 11 

 291 

In our simulations, we assumed that the solute concentration in the immobile region is initially 292 

in equilibrium with the mobile region. Table 1 gives an overview of the values of the model 293 

input parameters and how they were defined.  294 

  295 



 296 

Table 1: model input parameters 297 

Soil layer  Upper layer compact layer 𝜌𝑏[g/cm³] 0.54 a 1.10 a 

Ks [m/s] 3.50·10-5 a,b 4.16·10-8 a 𝜃𝑠,𝑚 [-] 0.05a,c 0.55 a,c 𝜃𝑠,𝑖𝑚 [-] 0.71a,c  0.01 a,c 𝜃𝑟,𝑚 [-] 0.00 a,c 0.00 a,c 𝜃𝑟,𝑖𝑚 [-] 0.09 a,c 0.01a,c 

α [m-1] 3.45 a 0.37 a 

n [-] 1.19 a 1.18 a 

ω [-] 5.00·10-3 b 5.00·10-3 b 𝐷𝐿  [m] 0.10 d 0.10 d 𝐷𝑇  [m] 0.01 d 0.01d 𝐷𝑤 [m²/s] 1.00·10-9 e 1.00·10-9 e 𝜔𝑠 [s-1] 8.33·10-7  f 8.33·10-7  f 

a lab measurements on soil samples and parameter estimation with RETC 298 
b model calibration 299 
c based on micro-CT scans in Van Putte et al. (2020) 300 
d based on Wilson and Gardner (2006) 301 
e based on Holz et al. (2000) 302 
f  based on Jaynes and Horton (1998) 303 

2.2.3.3. Drainage depth 304 

We analyzed groundwater drainage depth on two time scales that are relevant in context of a 305 

tidal system, and we refer to these two time scales by introducing the terms “spring tide drainage 306 

depth” and “neap tide drainage depth”.  During about 10 days around the occurrence of spring 307 

tide, the marsh surface is flooded by most semi-diurnal high tides, and emerges during every 308 

semi-diurnal low tide (Fig. 2). The spring tide drainage depth is then defined as the average 309 

groundwater drainage depth below the soil surface in between tides that flood the marsh 310 

platform (i.e. the lowest groundwater level reached during the low water phase in between two 311 

high water phases that both inundate the marsh platform). The spring tide drainage depth relates 312 

to the zone which desaturates nearly every tide. The neap tide drainage depth is defined as the 313 

maximum drainage depth that occurred during the measured timespan. This drainage occurs 314 

during neap tide when the marsh platform is not inundated for several days (Fig. 2). Underneath 315 

the neap tide drainage depth, the soil remains always saturated. Drainage depths were calculated 316 

using the Tides package for R (Cox, 2017). 317 



 318 

Fig. 2: Clarification of the newly introduced terms ‘spring tide drainage depth’ and ‘neap tide drainage depth’. This 319 
figure represents the measured groundwater level at 1 m from the creek edge during two spring tide - neap tide cycles. 320 
The blue bullets indicate the drainage depth between consecutive flooding tides. The spring tide drainage depth is 321 
defined as the average of these values. 322 

 323 

2.2.4. Sensitivity analysis 324 

The model was tested for its sensitivity to values for the parameters Ks, α and the mass transfer 325 

coefficient ω (see Appendix). The saturated hydraulic conductivity Ks is the most important 326 

hydraulic parameter governing groundwater flow and seepage (Gardner, 2005b; Xin et al., 327 

2012) and laboratory measurements revealed a wide variation on the data spanning multiple 328 

orders of magnitude (Fig. 3). The α parameter is a shape parameter of the SWRC and is roughly 329 

related to the inverse of the air entry value, the matric potential which corresponds to the 330 

beginning of desaturation (Van Genuchten et al., 1991).  The ω value had to be calibrated 331 

because it could not be estimated form the measured hydraulic properties. A value of 0.05 332 

resulted in the best model performance. The model performance was evaluated with the Nash-333 

Sutcliffe model efficiency coefficient (EQ 12) (Nash and Sutcliffe, 1970) by comparing the 334 

simulated and measured pressure heads, 335 𝑀𝐸 = 1 − ∑(𝑂𝐵𝑆 − 𝑆𝐼𝑀)2∑(𝑂𝐵𝑆 −𝑀𝐸𝐴𝑁)2 EQ 13 

where ME is the model efficiency coefficient, OBS are the observed pressure heads, SIM are 336 

the simulated pressure heads and MEAN is the mean of the observed pressure heads. Observed 337 

and simulated pressure heads during flooding of the marsh platform were not included in the 338 

evaluation since this would lead to overestimation of the model efficiency as the pressure head 339 

at the top boundary of the domain was set equal to the measured pressure head during 340 

inundation.  341 



2.3. Scenario analyses 342 

In total, we ran 25 different scenarios in which the depth (relative to the soil surface) of the 343 

compact layer and the number of creeks in the domain were varied. The depth of the compact 344 

layer was varied as 20 cm, 40 cm, 60 cm, 80 cm and 100 cm below the soil surface. A transition 345 

depth of 60 cm is the reference situation. A scenario  with  a deeper or less deep soil transition 346 

can represent either a difference in sedimentation rate of the marsh, or the depth to which soil 347 

amendments (e.g. tillage with addition of organic matter to increase soil porosity) are applied 348 

in a newly restored tidal marsh. 349 

Model domains with 1, 2, 3, 4 and 5 creeks along the 50 m long transect were considered. As a 350 

result, the distance between the creeks varies from 50 m (1 creek in domain) to 10 m (5 creeks 351 

in domain). These distances are within the range of the average distance to the nearest tidal 352 

creek generally observed in tidal marshes (Chirol et al., 2018). When increasing the creek 353 

density, the creek width to depth ratio of all the creeks in the domain was conserved. This was 354 

done to approximate realistic scenarios, for which excavating of the creeks would result in creek 355 

dimensions that are expected to be close to morphodynamic equilibrium. At equilibrium, the 356 

total cross sectional area of creeks in a tidal marsh is proportional to the tidal prism, i.e. the 357 

total flood and ebb water volumes flooding onto and draining from the surrounding marsh 358 

platform surface area (D'Alpaos et al., 2010; Lawrence et al., 2004; Vandenbruwaene et al., 359 

2013). Following this reasoning, in the different scenarios with increasing number of creeks 360 

over our cross-section, we made sure that total creek cross-sectional area remained constant, as 361 

tidal prism is not changing in between the different scenarios. Where the statistical significance 362 

of differences between the outcome of different scenarios was tested, we used a two-way 363 

ANOVA. 364 

  365 



3. RESULTS 366 

3.1. Field data and model input 367 

3.1.1. Measured soil properties 368 

An analysis of the soil properties reveals the distinct characteristics of the relict compact soil 369 

(lower layer) and the newly deposited sediment (upper layer). The bulk density in the lower 370 

layer is more than twice the bulk density in the upper layer (Fig. 3a). This difference is also 371 

reflected in the Ks values (Fig. 3b).  372 

 373 

Fig. 3: soil hydraulic properties for the compact soil layer (orange) and the layer of newly deposited sediment (yellow). 374 
(a): boxplot of the bulk density (n=16) (b) boxplot of the saturated hydraulic conductivity (n=16) (note the logarithmic 375 
y-axis), (c): soil water retention curves. bullets indicate the measured water contents to the corresponding applied 376 



suction and error bars represent the standard deviation on these values (n=8). Lines depict the regression curves using 377 
the van Genuchten – Mualem model (van Genuchten, 1980)  378 

 379 

The hydraulic conductivity of the upper layer shows values ranging over several orders of 380 

magnitude, denoting a large spatial heterogeneity of soil physical properties and the presence 381 

of macropores. The hydraulic conductivity of the lower layer is on average 1476 times lower 382 

and less variable than in the upper layer (Fig. 3b). Fig. 3c shows the soil water retention curve 383 

for both soil layers. The upper soil layer has a higher porosity (Table 1). In the low pressure 384 

range (10 – 100 cm), the soil water content decreases more with an increasing suction in the 385 

upper layer compared to the lower layer, indicating the presence of larger pores in the upper 386 

layer. At higher suctions, the soil water retention curves for both layers converge. 387 

 388 

3.1.2. Measured subsurface hydrology 389 

The subsurface hydrology measured at the transect follows a distinctive pattern. During 390 

flooding of the marsh platform, the water level in the wells approximates the surface water level 391 

(Fig. 4). In all wells, but especially in the well at 4 m from the creek, a time lag is observed. 392 

When the tide recedes towards low tide, the groundwater level declines until the next flooding 393 

high tide. This decline is more profound close to the creek and attenuated further away from 394 

the creek.  395 



 396 

Fig. 4:  Comparison of the measured and simulated groundwater level fluctuations on a transect perpendicular to a 397 
tidal creek in the restored marsh covering two spring tide - neap tide cycles in the winter of 2019.  The solid black line 398 
represents the creek surface water level that was used as a time variable boundary condition in the model. The grey 399 
horizontal line indicates the approximate depth of the transition between the tidally deposited sediment and the 400 
underlying compact soil. 401 

 402 

During neap tides, the groundwater level in the marsh soil declines further. Tides that only flood 403 

the creeks but not the marsh platform affect the groundwater level only in the close vicinity of 404 

the tidal creek. The groundwater level never falls below the transition between the newly 405 

deposited sediment and the compact soil, which remains always saturated.  406 

3.2. Model performance 407 

The model was run with the parameters indicated in Table 1. The model input parameters Ks, 408 

α and ω were calibrated to obtain the best simulated pressure heads. For these parameters, a 409 

sensitivity analysis was performed, which is summarized in the Appendix. The drainage depth 410 

was simulated with good accuracy (ME > 0.55) up till 10 m from the creek (Table 2).  411 

  412 



Table 2: Nash-Sutcliffe model efficiency coefficient for simulated and measured pressure heads along the transect 413 

Distance from creek edge ME coefficient 

1 m 0.57 

4 m 0.68 

10 m 0.66 

22 m -0.14 

 414 

At 1 m from the creek, the model underestimated the spring tide drainage depth, which may be 415 

because of the steeper creek edge on the field transect vs. the modeled transect (Fig. 1). Our 416 

model always underestimated the drainage depth at 22 m from the creek. The latter may be 417 

because further away from the transect creek, other (smaller) creeks may also influence the 418 

local groundwater level in the field, while this is not represented in the model. Because in the 419 

scenario analysis we focus on scenarios with smaller distances between creeks, we decided to 420 

calibrate the unknown model parameters for best model performance on the results up to 10 m 421 

from the creek. 422 

3.3. Impact of the compact layer on subsurface hydrology 423 

We quantify the effect of the presence of the compact layer by making a comparison between 424 

the base scenario (compact layer at 60 cm depth) and a scenario without a compact layer (i.e. 425 

the entire soil profile consists of tidally deposited sediment). For the latter scenario, the lower 426 

layer was attributed the same hydraulic properties as the upper layer.   427 

 428 



 429 

Fig. 5: comparison of a simulation in the absence of a compact layer and with a compact layer at a depth of 0.60 m. (a) 430 
groundwater level fluctuations during 2 spring tide – neap tide cycles near the creek and in the marsh interior. The 431 
grey horizontal line indicates the depth of the compact layer if present. (b) cumulative seepage flux per meter creek 432 
length. (c) cumulative solute seepage flux per meter creek length. 433 

 434 

In between tides that flood the marsh platform, the spring tide drainage depth at 1 m from the 435 

creek is 0.28 m in the base scenario and 0.45 m in the scenario without a compact layer. In the 436 

marsh interior at 22 m from the creek, the difference in the spring tide drainage depth between 437 

the base scenario and the scenario without a compact layer is smaller (Fig. 5). Here, the effect 438 

of the compact layer is more pronounced in the neap tide drainage depth (0.04 m vs. 0.15 m). 439 

From Fig. 5a, it is apparent that in the marsh interior, the drainage depth depends mainly on the 440 

elapsed time since the last inundation of the marsh platform. Fig. 5b represents the cumulative 441 

seepage flux over the time. This is the total volume of water that passed through the marsh soil 442 



and seeped out of the creek banks during the simulated time. Without a compact soil layer, 6.06 443 

times more water passes through the marsh soil compared to the current situation. The 444 

cumulative solute seepage flux (Fig. 5c), shows a similar pattern. The solute mass removed 445 

from the domain after two spring tide – neap tide cycles is 5.84 times higher without the 446 

presence of the compact layer. Especially in the run without the compact layer, the solute 447 

seepage rate slightly decreases near the end of the simulation. This indicates the start of 448 

depletion of solute in the zone near the creek.  449 

 450 

 451 

Fig.6: (a) Spatial distribution of the soil saturation index (SSI) for the simulation in the absence of a compact layer 452 
(right) and the simulation with a compact layer at 0.60 m (left). A value of 1 indicates that the soil at that location is 453 
saturated for 100% of the time. Saturated soil is defined as soil where 𝜽 ≥  𝜽𝒔 − 𝟎. 𝟎𝟏. (b) spatial distribution of the 454 
solute half-life (i.e. the time it takes to remove half of the solute mass at a given location). A half-life of > 28 days means 455 
that no solute was removed in that location of the domain during the simulated timespan (2 spring tide – neap tide 456 
cycles). The dotted horizontal line represents the transition between the compact soil and the tidally deposited sediment. 457 
 458 

 459 

 460 

The presence of the compact layer strongly affects the spatial distribution of the SSI (soil 461 

saturation index). The proportion of the domain in which the soil is unsaturated for at least half 462 

of a spring tide – neap tide cycle is 4.70 times higher without the presence of a compact layer 463 



compared to the base situation. In this base situation, the variably saturated zone (i.e. zone at 464 

least unsaturated for some of the time), is limited to only 0.38 m below the soil surface near the 465 

creek (at 1 m) and 0.15 m in the marsh interior (at 22 m from the creek edge, Fig.6a). In the 466 

simulation without a compact layer, this zone extends to a depth of 1.06 m near the creek and 467 

0.60 m in the marsh interior. 468 

The effect of the compact layer is also clearly present in the retention times of a non-reactive 469 

solute in the domain. Fig.6b shows the half-life (time it takes to remove half of the mass of the 470 

solute) for the domain. In the base simulation, the soil further away than ca. 7 m from the creek 471 

edge never loses half of its solute mass over the simulated 28-days period. Here, solute is only 472 

removed in the vicinity of the creeks. In the scenario without a compact layer, solute is partly 473 

removed up to a depth of 0.09 m, even in the marsh interior (22 m from the creek edge). 474 

 475 

3.4. Scenario analyses for tidal marsh restoration design options 476 

Model scenarios were run to simulate (i) creek excavation and (ii) soil amendments as possible 477 

restoration design options to optimize groundwater dynamics in newly restored tidal marshes. 478 

Therefore, 25 different model domains were made with all possible combinations of (i) 479 

transition depth between the upper loose sediment layer and bottom compact layer at 0.20, 0.40, 480 

0.60, 0.80 and 1 m depth and (ii) 1, 2, 3, 4 and 5 creeks over the 50-m cross-section. 481 

Close to the creeks, we see a large significant effect (p < 0.001) of the transition depth on the 482 

spring tide drainage depth as well as on the neap tide drainage depth (Fig. 7a). However, as the 483 

transition of the soil layers gets deeper, the effect decreases. At 1 m from the creek edge, the 484 

number of creeks in the domain does not significantly alter the spring tide drainage depth (p = 485 

0.18). The neap tide drainage depth, however, is significantly affected by the number of creeks 486 

(p = 0.01) . Until a transition depth of 60 cm, the drainage depth increases with the number of 487 

creeks. For transition depths larger than 80 cm, however, the drainage depth decreases when 488 

the number of creeks becomes larger than 3 (Fig. 7c). This effect can be attributed to the 489 

reduction in creek depth with an increasing number of creeks, as we applied a constant total 490 

creek cross-sectional area (see methods for reasoning). Further away from the creeks, the spring 491 

tide drainage depth is significantly affected by both the soil layer transition depth and the 492 

number of creeks (p < 0.001). Here also, at deeper soil layer transition depths, over 5 creeks in 493 

the domain do not increase the drainage depth anymore. Over the entire marsh domain, both 494 

the number of creeks and the soil layer transition depth affect the depth of the variably saturated 495 

zone, whereas closer to the creek the soil layer transition has a more profound effect. 496 



 497 

Fig. 7: a,b:  spring tide drainage depth relative to the soil surface at 1 m and 4 m from the creek edge, respectively; b,c: 498 
neap tide drainage depth relative to the soil surface at 1 m and 4 m from the creek, respectively; e: cumulative water 499 
seepage volume after two spring tide – neap tide cycles (expressed in volume per meter creek length); f: cumulative 500 
solute seepage after two spring tide – neap tide cycles. Labels in the plots represent the value of the respective scenario 501 
relative to the base scenario (with 1 creek in the domain and transition depth at 0.60 m below the soil surface). 502 

 503 

Both the number of creeks in the domain and the soil layer transition depth positively affect the 504 

volume of water that effectively flows through the marsh soil over a given timespan (Fig. 7e). 505 

Compared to the base scenario, multiplying the number of creeks with a factor of 2, leads to 506 

more than a doubling of the cumulative water seepage flux. The effects on the cumulative solute 507 



flux are similar (Fig. 7f), although, as mentioned earlier, the cumulative solute flux on a longer 508 

time span is expected to congregate for the different scenarios, as it is ultimately limited by 509 

depletion of solute in the domain. 510 

The proportion of the time that the soil is saturated (the soil saturation index, SSI) is affected 511 

by both the number of creeks in the domain and the depth of the soil transition. Here, we assume 512 

that a specific location in the soil is unsaturated when the local soil moisture content is 1% 513 

lower than the soil moisture content at saturation. We compare the extent of the zone where the 514 

SSI is under 95% between the different scenarios.  515 

 516 

Fig. 8: Spatial distribution of the Soil Saturation Index for all the scenarios during two spring tide – neap tide cycles. 517 
An SSI of 1 means that the soil is always saturated. Saturated soil is defined as soil where 𝜽 ≥  𝜽𝒔 − 𝟎.𝟎𝟏. The labels 518 
indicate the proportion of the domain that is unsaturated for at least 50% of the simulated timespan, relative to the 519 
reference scenario (with 1 creek and transition depth at 0.60 m), where this proportion is 0.025. Dashed horizontal lines 520 
indicate the soil layer transition. 521 

 522 

Both the number of creeks in the domain and the soil layer transition depth affect the SSI. In 523 

all scenarios, the extent of the variably saturated zone is limited to the layer of newly 524 

deposited/amended soil. A larger number of creeks increases the extent of the variably saturated 525 

zone (fig 8). Although the marsh platform is inundated for 17% of the time, the SSI near the 526 



surface is lower than this value. This indicates that the soil can remain (slightly) unsaturated, 527 

even during inundation. 528 

 529 

 530 

Fig. 9: spatial distribution of the time it takes to remove half of the solute mass (half-life) for all the scenarios. Half-lives 531 
of over 28 days indicate that the solute mass remained larger than 50% of the initial mass during the entire simulation 532 
time (two spring tide-neap tide cycles). Labels indicate the proportion of the domain in which at least 50% of the solute 533 
mass was removed within the simulation time, relative to the base scenario (1 creek and transition depth at 0.60 m), in 534 
which this proportion is 0.017. The dotted white lines indicate the transition between the soil layers. 535 
 536 

We further investigated the removal of a conservative tracer in the domain in which the 537 

porewater has an initial concentration of 1 and the concentration in the flooding water is 0. We  538 

calculated for every node in the domain the time it takes to remove half of the solute mass in 539 

that node. Close to the creek edges, this ‘half-life’ time is short, as the solute is transported by 540 

advection to the creek during the falling tide and the porewater is replaced by infiltrating surface 541 

water during the rising tide (Fig. 9). The concentration near the creek edges increases again 542 

when porewater from the marsh interior flows towards the creeks during the next falling tide. 543 

Hence, the concentration near the creek edges follows an oscillating pattern (not shown).  544 



In the marsh interior, where the soil is mostly saturated, solute is predominantly removed by 545 

diffusive processes. Initially, the tracer is rapidly removed but the removal rate declines as the 546 

most active zone gets depleted in tracer mass. We can expect that in the compact soil in the 547 

marsh interior, it can take decades to centuries for all the solute tracer to be removed from the 548 

porewater.  549 

  550 



4. DISCUSSION 551 

Agricultural soil compaction alters the structure of the soil in formerly embanked and drained 552 

wetlands. When tidal marshes are restored on such compact agricultural land, their subsurface 553 

hydrology is impaired compared to natural tidal marshes, which may result in reduced 554 

vegetation growth and altered biogeochemical cycling. The compact agricultural soil layer 555 

typically persists long after restoration and forms a barrier for groundwater dynamics and 556 

associated ecosystem functioning (Crooks and Pye, 2000; Tempest et al., 2015; Van Putte et 557 

al., 2020). Regarding the latter, there is a critical need for understanding of subsurface 558 

ecohydrology in restored tidal marshes to optimize delivery of ecosystem services in future 559 

tidal marsh restoration projects. In this paper, we use a vertical 2D variably saturated dual 560 

porosity groundwater model to simulate groundwater flow in a restored tidal marsh with a 561 

compact subsoil. For the first time for tidal marshes, we also solve the solute transport problem 562 

using the advection dispersion equation. This enables us to calculate the residence time and 563 

half-life of a non-reactive tracer, which is not possible by solving only the flow problem.  With 564 

this coupled model, we are able to accurately predict the pressure head distribution in the marsh 565 

up to 10 m from the creek edges. Our model results clearly show that the compact layer limits 566 

tidally induced porewater circulation in the marsh soil.  567 

The model is focused on tidally induced groundwater dynamics and solute transport and does 568 

not consider porewater extraction by evapotranspiration by the vegetation and porewater 569 

recharge by precipitation. In this study, we only considered porewater circulation during winter, 570 

when the effects of evapotranspiration are negligible. Nevertheless, evapotranspiration has a 571 

major effect on porewater removal in the growth season, especially in the marsh interior where 572 

porewater drainage towards creeks is limited (Hemond and Fifield, 1982; Nuttle, 1988). We 573 

observed that during the growth season, neap tide drainage depths in the marsh interior are 574 

deeper compared to the winter season (data not shown). Near the creek, tidally induced 575 

porewater circulation prevails, also in the summer growing season. While our calculations 576 

therefore might overestimate the soil saturation index, especially for marsh interior locations 577 

farther away from creeks, we argue that seepage fluxes, residence times and associated effects 578 

on biogeochemical cycling are much more affected by tidally induced porewater circulation. 579 

After all, we showed, in accordance with Harvey et al. (1987) that the majority of the seepage 580 

and solute transport originates from the soil in the vicinity of tidal creeks. Our model also does 581 

not consider shrinking and swelling and compression of the soil matrix during tidal inundation. 582 

According to Wilson and Morris (2012) and Gardner and Wilson (2006), omitting soil 583 



compressibility effects from the model can result in overestimation of seepage fluxes. However, 584 

Xin et al. (2009b) point out that the effect of soil compressibility is minimal and can be ignored 585 

for soils with a hydraulic conductivity larger than 10-6  m/s, which is the case for the tidally 586 

deposited sediment in our model (3.50·10-5 m/s). Variably saturated pore water flow in our 587 

model is governed by the single phase (only water flow) form of the Richards’ equation 588 

(Richards, 1931) and therefore does not explicitly consider the flow of air in soil pores, which 589 

can have a significant effect on the estimation of soil aeration. Not incorporating the entrapment 590 

of air may lead to a persistent unsaturated zone and an overestimation of infiltration volumes 591 

during inundation (Li et al., 2005). However, Xin et al. (2009b) argue that it is unlikely that 592 

such a persistent unsaturated zone would exist in the presence of large macropores (e.g. crab 593 

burrows) as is the case in the restored tidal marsh considered in our study.  594 

 595 

Decomposition of large organic matter parts (e.g. plant stems and roots) leads to void spaces 596 

that act as preferential flow channels and, in this way, further enhances porewater circulation 597 

in the marsh soil. Previous studies have shown that groundwater flow in tidal marshes is often 598 

dominated by preferential flow through macropores (Van Putte et al., 2020; Xin et al., 2009b; 599 

Xin et al., 2016). Therefore, we constructed a model domain consisting of a micropore region 600 

and a macropore region that can exchange porewater based on the respective volumetric soil 601 

moisture content in both regions. In this way, we accounted for the fast initial drainage trough 602 

the macropores and a slower drainage during neap tides when water from the micropore region 603 

is transferred to the macropore region and drains towards the creeks (Fig. 4). In general, our 604 

model was able to simulate the pressure head distribution with good accuracy up to 10 m from 605 

the creek edge. Further away from the creek edge, our model systematically overestimated the 606 

groundwater level compared to field measurements. We hypothesize that this is due to the 607 

choice of boundary conditions. To generalize our model results, we applied a flat surface 608 

topography to our model, whereas in the field the marsh elevation decreases further away from 609 

the creek (Fig. 1c), increasing the hydraulic gradient. Furthermore, our model considers only 610 

groundwater flow along a one-dimensional transect and in relation to one creek. The farther 611 

away from that one considered creek, the larger the chance that the observed groundwater 612 

dynamics are related to more complex flow patterns. This may also contribute to the increasing 613 

deviation of model simulations and observations with increasing distance from the considered 614 

creek.  In our simulations we did not consider evapotranspiration, soil compressibility and air 615 

entrapment. As a result, our model has fewer input parameters and is therefore easier to apply 616 



and modify by other scientists aiming to support stakeholders in decision making concerning 617 

optimal marsh restoration design.  618 

Based on scenario analyses, we identify and evaluate design measures for marsh restoration, 619 

which can alleviate the effects of the compact layer on the hindered groundwater circulation.  620 

Even a decade after the marsh restoration, the compact soil layer forms a barrier for soil-621 

groundwater interactions.  Our model results suggest that approximately 6 times more water 622 

would pass through the marsh soil during a spring tide – neap cycle in the absence of the 623 

compact layer, compared to the present situation (Fig. 4). The median hydraulic conductivity 624 

in the compact layer in our study area is 4.16·10-8 m/s, and is therefore classified as nearly 625 

impermeable following the classification of Bear (1972). The presence of the compact layer 626 

decreases the drainage depth and increases the soil saturation index in tidal marshes, leading to 627 

more frequent waterlogged soils and reduced aeration depth (Fig.6a). This soil aeration is, 628 

however, crucial for the establishment and zonation of tidal wetland plants; waterlogged soils 629 

can inhibit the growth of several plant species (Hou et al., 2020). The soil saturation index of 630 

the upper marsh soil correlates with spatial plant zonation in tidal wetlands (Ursino et al., 2004; 631 

Xin et al., 2013). Tidal marsh habitats adjacent to tidal creeks are less prone to vegetation die-632 

off and provide better plant growth conditions. The absence of a developed creek network may 633 

therefore lead to the formation of pools and waterlogged soils (Schepers et al., 2017). Thus, an 634 

extended creek network is beneficial for both surface and subsurface drainage. 635 

Tidal marshes restored on formerly embanked agricultural land often exhibit a lower creek 636 

density compared to natural tidal marshes. The presence of the compact agricultural soil inhibits 637 

or slows down natural creek incision and creek network development (Liu et al., 2020; 638 

Vandenbruwaene et al., 2012). Hence initial excavation of creeks may be advised to stimulate 639 

porewater seepage and soil aeration.  We found that compared to the reference situation (1 creek 640 

in a 50 m transect and the compact layer at a depth of 60 cm), doubling the creek density more 641 

than doubles the proportion of the marsh soil with an SSI smaller than 50 % (Fig. 8) and the 642 

volume of water that flows through the marsh soil. However, as more creeks are added to the 643 

domain, their depth decreases to conserve the total creek cross sectional area. As a consequence, 644 

the effect of excavating more creeks on groundwater flow decreases with an increasing number 645 

of creeks already present. A creek density of more than 3 creeks in 50 m even reduces the 646 

drainage depth (Fig. 7c), highlighting the effect of creek depth on drainage depths. When the 647 

compact layer is shallow (i.e. in the early stage after the restoration), however, the reduction in 648 

drainage depth with an increasing creek density was not observed. We conclude that especially 649 



the interaction between the creek density and the depth of the soil transition determines soil 650 

aeration, drainage depths and seepage fluxes. Soil amendments (by tilling the soil and/or mixing 651 

it with organic matter) increase the hydraulic conductivity of the soil (Kuncoro et al., 2014) and 652 

increase the depth from the soil surface to the compact layer. Based on the results of the scenario 653 

analyses, we can state that increasing the depth to the compact layer promotes soil aeration, 654 

seepage fluxes and soil-groundwater interactions, which are crucial for  biogeochemical cycling 655 

in tidal marshes. A combination of both creek excavation and soil amendments is therefore 656 

suggested for new tidal marsh restoration projects.  657 

Porewater drainage is the main driver for silica recycling in tidal marshes, which plays a major 658 

role in estuarine primary production by diatoms (Struyf et al., 2005).  Dissolved silica, resulting 659 

from the dissolution of biogenic silica from marsh vegetation, for example, is advectively 660 

transported with the porewater draining towards the creeks (Struyf et al., 2006). Our model 661 

simulations indicate that the residence time of the porewater in the marsh soil decreases when 662 

soil amendments and/or creek excavation are applied (Fig. 7c,d). In the compact subsoil, the 663 

half-life of the solute tracer exceeds the simulation time (28 days). This suggests that dissolved 664 

nutrients in the compact layer reside months or even years before seeping out of the creek banks, 665 

which is consistent with Xin et al. (2011). As the availability of biogenic silica (BSi) in most 666 

tidal marshes is constantly high and dissolution occurs fast (Struyf et al., 2007), we expect an 667 

increased delivery of dissolved silica (DSi) to the estuary when residence times are shorter. 668 

With a shallow compact layer and high residence times, further dissolution of BSi might be 669 

hampered due to high concentrations of DSi already present in the porewater. According to our 670 

model results, silica delivery could be enhanced by ensuring a sufficient creek density and an 671 

upper porous soil layer. Both the number of creeks in the domain and the depth to the compact 672 

layer affect the residence time and turnover rate of nutrients in the marsh porewater.  673 

Increased soil aeration by creek excavation and soil amendments is expected to increase 674 

nitrification processes as those processes are aerobic, and subsequent denitrification which is 675 

primarily limited by the availability of nitrate and the presence of organic carbon (Martin and 676 

Reddy, 1997; Wolf et al., 2011). Soil amendments in which organic matter is added can thus 677 

promote denitrification. On the other hand, faster drainage and increased soil aeration facilitates 678 

organic matter mineralization and can therefore decrease the contribution of the marsh to carbon 679 

sequestration (e.g. Guimond et al., 2020), although further research is needed to investigate the 680 

impact of soil aeration on carbon sequestration in restored tidal marshes.  681 



Excavating a denser creek network does not only alter subsurface flow, soil aeration and 682 

nutrient cycling, but will also affect surface flow hydrodynamics and sedimentation – erosion 683 

processes, and as such influence the bio-geomorphic development of the restored marsh 684 

(Gourgue et al., 2021).  Although this is beyond the scope of this paper, it is clear that marsh 685 

design options can have different effects on the various functions and  ecosystem services of 686 

restored marshes. With this paper, we contribute to the knowledge on the effect of different 687 

design options on ecosystem functioning, so that stakeholders of a marsh restoration project 688 

can make a design based on prioritizing the delivery of certain ecosystem services.  689 

  690 



5. CONCLUSIONS 691 

 Using a dual porosity groundwater model, we were able to accurately simulate pressure 692 

head dynamics in a restored tidal marsh up to 10 m from the creek edge, indicating the 693 

importance of macropore flow in tidal marsh soils. 694 

 The compact agricultural subsoil is 1476 times less permeable compared to the 695 

overlying layer of tidally deposited sediment and therefore forms a barrier for 696 

groundwater – soil interactions 697 

 According to our model simulations, 6.06 times less water passes through the marsh soil 698 

and 5.84 times less solute was removed in the reference situation compared to a scenario 699 

in which the compact subsoil is absent 700 

 A scenario analyses revealed that doubling the creek density or increasing the depth to 701 

the compact layer by 20 cm both more than doubles the volume of groundwater 702 

processed by the marsh soil.  703 

 Initial creek initiation and soil amendments are therefore recommended to improve 704 

groundwater – soil interactions in newly restored tidal marshes. 705 

 While increased seepage flows are expected to be beneficial for some ecosystem 706 

services such as the delivery of DSi to the estuary and removal of nitrogen from the 707 

surface water, other ecosystem services such as carbon sequestration might be 708 

negatively affected by increased soil aeration. 709 

  710 
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7. ONLINE APPENDIX 715 

7.1. Sensitivity analyses 716 

 717 

Fig. 10: Sensitivity to the hydraulic conductivity (Ks) (a,d,g,j), the α value (b,e,h,k), the mass transfer coefficient (ω) 718 
(c,f,i,l) of (a,b,c) the cumulative seepage flux, (d,e,f) the proportion of the domain in which the soil moisture content 719 
drops below 0.5 during the modeled time span, (g,h,i) the proportion of the domain in which at least 50 % of the solute 720 
mass is removed during the modeled timespan, (j,k,l) the spring tide drainage depth (solid line) and neap tide drainage 721 
depth (dashed line) in the near creek zone (red line) and the marsh interior (blue line) 722 

 723 



The hydraulic conductivity (Ks) has the most profound effect on all simulated variables (Fig. 724 

10 a,d,j,g). In the field study, we found that Ks ranges several orders of magnitude in the newly 725 

deposited sediment (Fig. 3). A good estimate of the saturated hydraulic conductivity is therefore 726 

essential to accurately simulate the subsurface hydrology. In our study, we calibrated the Ks to 727 

obtain the best ME values for the pressure heads. The Ks value that lead to the best simulated 728 

pressure heads (3.50·10-5 m/s) was well within the range of the field measured Ks values (Fig. 729 

3). 730 

The α value is positively correlated with the cumulative seepage flux, but negatively correlated 731 

with the drainage depth (fig. 10 b,k). The α value is inversely related to the air entry value (the 732 

minimum applied suction at which the soil starts to desaturate). Therefore, a smaller α value 733 

indicates a higher air entry value, which means that a higher suction needs to be applied for a 734 

similar volume of drainage. Hence the deeper groundwater drainage levels at a lower α value. 735 

The model performance increased when switching to a dual porosity model based on water 736 

mass transfer (EQ 6). As the water mass transfer coefficient (ω) was unknown, we ran several 737 

model simulations with different ω values to calibrate the model. Model runs with a smaller ω 738 

value (i.e. less transfer between the mobile and immobile regions) show a faster initial drainage 739 

compared to model runs with a higher ω value (i.e. more transfer between the two regions). As 740 

a result, the spring tide drainage depth increases with a decreasing ω value. During neap tide 741 

drainage, the final drainage depth is not affected by the ω value, as the fast initial drainage slows 742 

down when the groundwater level approximates the compact soil layer. A larger ω value leads 743 

to higher seepage fluxes and a faster solute exchange (Fig. 10 c,i).  744 

 745 

 746 

 747 

  748 
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